Bench-scale laboratory column experiments were conducted to determine the desorption characteristics of Hg in the aquifer material from an area of known elevated Hg concentrations in groundwater under flushing conditions. The experimental results showed that columns packed with perched aquifer material (PA) showed flushing of Hg, with the general decline of effluent Hg concentrations over time (from 0.05-0.1 mg/L in the beginning to 0.0001-0.003 mg/L at the end of the experiment). Columns with lower aquifer material (LA) showed nondetectable level of effluent Hg throughout the experiment. Possibility of redissolution/desorption of Hg after static condition (for the duration of 18 days) was tested, showing only slight rebound of Hg concentrations after equilibration. The results suggest that removal of up to 20% of Hg inventory in the sediment could be achievable for the duration of the experiments (about 10 pore volumes). The results also indicate that the treated water from the water treatment plant was more effective compared to deionized water, probably due to complexing agents contained in the treated water.
Introduction
Mercury is one of the most toxic contaminants released by gold mining and operation of industrial facilities and elevated mercury concentration down gradient of the mine tailings has been a primary concern for many mining projects [1] [2] [3] [4] [5] . Hg contamination in mining impacting aquatic environments is historically due to gold extraction by amalgamation techniques [6] . Extraction with sodium cyanide has also been widely used and caused mercury contamination in the environment [7] . In the extraction, gold is leached from the ores during gold-cyanide process (GCP) [8, 9] . In addition to forming gold complexes, cyanide also coordinates other metals such as iron, zinc, copper, and mercury, forming soluble metal-cyano complexes in leachate solution, causing a serious environmental problem [10] .
The fate and transport of mercury in the contaminated systems are controlled by the interaction between aqueous speciation and sediment-water partitioning [11] [12] [13] . The aqueous speciation of Hg is strongly affected by chemical conditions such as pH, redox, and concentrations of organic and inorganic ligands [14, 15] . While environmental impact of mine drainage, which is often acidic and containing elevated levels of mercury, is assessed at some mines, successful remediation measures are not fully implemented [16] .
Recent efforts for remediating Hg-contaminated water include methods using zerovalent iron (ZVI) [17] [18] [19] , elemental Cu and S, granular activated carbon (GAC), attapulgite clay (ATP) [18] , and biochars [20] . However, in situ technologies to remediate Hg-contaminated groundwater yet need to be developed. In this regard, only a few studies have been conducted to investigate the controls on Hg mobility and leaching persistence originated from mine tailings [21, 22] .
In this study, bench-scale column flushing experiments were conducted to mitigate elevated dissolved mercury concentrations down gradient from the mine tailings at a gold and silver mine. The flushing experiments evaluated whether injected water can flush redissoved/desorbed Hg in the aquifer under the ideal conditions in the laboratory, from which determination can be drawn with regard to the actual remedial performance in the field.
Little is known about the geochemical characteristics of the aquifer matrix at the site with respect to adsorption/ desorption properties for contaminants and in particular mercury in solution. Understanding these characteristics is integral to developing the most efficient remedial strategy and to constraining the estimates for completion of aquifer remediation. The bench-scale laboratory column experiments were conducted to augment the pilot aquifer flushing test to determine the desorption characteristics of Hg in the aquifer material from an area of known elevated Hg concentrations in groundwater. Key objectives of the study were (1) to determine maximum achievable removal of Hg from aquifer solids using potential flushing water, including water sourced from the water treatment plant, which is located downgradient from the tailings, and deionized water and (2) to determine Hg desorption behavior in aquifer solids and to determine the potential for postflushing desorption of Hg from aquifer solids.
The experiments were performed in small columns, measured Hg concentrations overtime, and provided empirical information on the number of pore volumes required for successful flushing. In addition, following initial flushing, columns were permitted to equilibrate and residual Hg concentrations in pore water were measured to evaluate the potential for postflushing desorption and whether this geochemical process could contribute to unacceptable residual Hg concentrations in groundwater. The results will help to define the threshold of reasonably achievable remediation of Hg from the aquifer.
Materials and Methods

Sediments and Source
Water. The mining of gold and silver ore at the mine site began in early 1990s. The tailings are dry-filtered and placed in an adjacent mountain slope. Cyanide used in the milling process is discharged with the tailings. Typically, the tailings are disposed with a maximum moisture content of 15 wt.%. Although the tailings have low moisture content, monitoring identified an extensive plume of groundwater contaminated with Hg in the unconfined aquifer. The mercury treatment plant and the planned remedial system site are located approximately 5 km downgradient from the tailings.
Aquifer materials for filling the columns were collected from the drilled cores at the pilot test remedial system site. Three sediment cores were collected at the site and sent to the laboratory. One core represents perched aquifer sediment and was collected from depth of 17.5 to 18.5 m. This depth of the core contains poorly graded sand and gravel with maximum particle size of 60 mm. Particles are subrounded to rounded and have brownish color with black patches. Sediment has some moisture content and is odorless. Two other cores were from the lower aquifer and represent samples from 35 to 36.5 m and from 41 to 42.5 m. The core from depth of 35 to 36.5 m contains soft silty sand and is very wet. The core from depth of 41 to 42.5 m also contains silt to sandy silt with orange mottling and is moist. These two cores were treated essentially as the same material and thus were mixed together during the column packing. For characterization of the sediments, paste pH, particle size distribution, total organic and inorganic carbons, metals, and total sulfur were analyzed and the results are presented in Table 1 . Of note, mercury (Hg) content in sediment samples was 0.196 mg/kg for perched aquifer material and 0.0287 mg/kg for lower aquifer material.
A total of 20 liters of treated water from the water treatment plant at the site were sent to the laboratory. The pH, alkalinity, electrical conductivity (EC), total cyanide, and dissolved metals including mercury were analyzed for the received water, as the results presented in Table 2 . Deionized water was also used for the experiments to test the performance in comparison to the treated water.
Column Setup.
A total of six flow-through columns were manufactured and the column experiments were conducted simultaneously. Two columns were packed with the sediment from perched aquifer (PA): one received deionized water (DI) and another received treated water from the treatment plant (TW). Three columns were packed with the sediment from lower aquifer (LA). One column received the treated water, while two other columns received deionized water. The latter two columns (LA-DI1 and LA-DI2) were set up as duplicates to test reproducibility of the experiments. The sixth column contained only silica sand (SS) and received deionized water as the influent. It served as a control column.
For all of the columns, except the control column (SS-DI), approximately 2.5 cm of clean silica sand was layered at the influent and effluent ends of the columns to improve the distribution of flow in the columns and to filter coarse solids out of the effluent. Silica sand was washed with 5% HNO 3 solution overnight and then rinsed with plenty of deionized water until pH is back to normal (>pH 5). The control column was about half filled only with silica sand and thus pore volume was less than other columns. Characteristics of each column are summarized in Table 3 .
Each column consisted of a clear acrylic tube, 21.5 cm length and 15 cm internal diameter, and was fitted with end plates. Column dimensions have been selected to optimize the flow rate to allow for a low velocity flow representative of typical field conditions in the aquifer sediments and also to accommodate representative volume of aquifer materials.
Aquifer sediments were retrieved from the cores inside a N 2 glove bag to minimize disturbance of redox conditions in the sediments. The glove bag was fully inflated with N 2 gas and then deflated three times after a core was located inside the bag. Sediments were retrieved under positive pressure of N 2 and thus oxygen intrusion was minimized. After all of the sediments were retrieved from the cores, each of aquifer materials (PA or LA) was mixed by hands to homogenize the sediments as much as possible. This was to ensure that sediments in the columns should have representative samples for each aquifer material. Some large particles such as gravel were excluded from the packing materials.
The retrieved sediments (within the glove bag) were relocated into another glove bag. At this point, the column with ∼2.5 cm of silica sand at the bottom was put into the same bag. After that, the outer glove bag was once again purged with N 2 gas three times before column packing started. The sediment was packed into the column over the silica sand 
layer by an increment of about 2.5 cm at each step, after which the column wall was gently tapped by hand to homogenize the sediment inside the column. This step continued until the column was packed leaving only about 2.5 cm at the top. The column packing was completed by filling with silica sand to the remaining portion of the column at the top. Once column packing was completed, columns were saturated with deionized water before the desired source solutions for each column were introduced. Column weights were measured at each step of the column packing and saturated pore volume (PV) and porosity were calculated from the column weights before and after saturation ( Table 3 ). The column experiments were conducted for a total of 44 days at room temperature.
Column
Operation. Figure 1 shows the schematic of the column experiment. The column experiment was designed so that water enters from the bottom of the column and flows upward discharging from the top of the columns; thus, the bottom of the column is effectively upgradient and the top of the column is downgradient. This was done to ensure consistent and even flow throughout the columns, eliminating the risk of uncontrolled gravity-driven drainage and preferential flow paths. The nominal residence time in the aquifer layer (excluding ∼2.5 cm layer of silica sand at each end of the column) was calculated with the target flow rate of 400 mL/day and the average porosity of 0.3. The actual flow rates in the columns during the experiments were slightly variable, but generally the flow ranged between 350 and 390 mL/day. This corresponded to 0.40-0.45 PV/day, with an exception of the control column. Because of the smaller pore volume, the control column had the flow rates ranging from 0.62 to 0.67 PV/day. With these flow rates, water velocity through the columns was 6.5-7.3 cm/day and residence time was between 2.2 and 2.5 days, indicating that residence time for water in each of the columns is quite similar. By end of the experiment, 9.0-9.5 L of source water had flushed through the columns (Figure 2(a) ). With respective to the cumulative PV flushed through the columns, approximately 16 PV flowed through the control column (SS-DI) and 10-11 PV flowed through the other columns (Figure 2(b) ).
Following the initial flushing for 16 days, columns were allowed to equilibrate for a period of 18 days without the movement of flushing water through the columns. After the equilibration period, flushing of the columns recommenced and samples were immediately collected from the equilibrated aquifer pore water to determine if postflushing desorption had occurred. This equilibration period is indicated by discontinuities between elapsed days of 16 and 17 in the cumulative effluent volumes and cumulative pore volumes in Figure 2 .
Sample Collection and Analysis.
A total of 11 samplings were conducted for each of the columns every two to four days during the total operation period of 44 days. Between elapsed days 16 and 17, pumping was stopped for the duration of 18 days to evaluate if Hg concentration is rebounded due to redissolution/desorption in static conditions; thus, the total elapsed days for the flow-through period, excluding the 18 days of static conditions, were 26 days by the end of the experiment.
For each sampling event, approximately 80 mL of sample was collected from each of the column effluents (40 mL for metals, 15 mL for total cyanide, and 25 mL for pH/ alkalinity/EC). To preserve the redox state during sampling, the sampling bottle was purged with nitrogen gas before each of sampling events. Outlet tubing from the sampling bottle was submersed under water to prevent oxygen ingress into the sampling bottle during sampling. Sample was passed through an in-line syringe filter (0.45 m) so that analyses of dissolved components can be done without interference potentially induced by sampling procedures.
Samples for dissolved metals including Hg were acidified with concentrated, ultrapure nitric acid after filtration.
Samples for total cyanide were prepared by adding 100 L of 6 N NaOH to a 15 mL of filtered sample. Samples for metals and total cyanide analyses were refrigerated immediately after collection and were analyzed using inductively coupled plasma-mass spectrometry (ICP-MS) and colorimetric analysis (ISO 14403:2002), respectively. pH, alkalinity, and EC were determined immediately after each sampling event. For pH measurement, a three-point calibration was carried out for the pH meter each time using pH 4.01, 7.00, and 10.01 buffers. Total alkalinity was determined by colorimetric titration with 0.01 M hydrochloric acid. EC was measured by a Thermo Scientific/Orion 5 Star conductivity meter with an Orion 013010MD conductivity cell after calibration with a 1413 S/cm conductivity standard solution. Total organic and inorganic carbons, metals, and total sulfur for the sediments were analyzed using gravimetric method [23] , ICP-MS, and combustion method (ISO 15178:2000), respectively. Detection limits for the analyses are provided in Tables 1 and 2 . Replicate analyses showed little differences. Figure 3 shows the dissolved Hg concentrations for each of column effluents measured over time. Elevated concentrations of dissolved Hg at the effluents were only observed for the columns containing the sediment from perched aquifer (PA). Column effluents from lower aquifer material (LA) showed nondetectable level of dissolved Hg throughout the column operation the same as the control column (SS-DI). The duplicate columns for LA receiving deionized water (DI) showed the similar behaviors with regard to effluent water chemistry (also for other parameters), suggesting that the sediments were relatively homogeneous between the columns and thus column results are representative at least for the sediments collected in the cores.
Results and Discussion
Mercury (Hg).
The highest dissolved Hg concentration was 0.102 mg/L for PA-TW at day 1 (0.43 PV), while the highest concentration for PA-DI was 0.049 mg/L at day 1 (0.43 PV). The difference in Hg concentrations for the two columns is believed to be due to different complexing abilities of the influent water, primarily represented by total cyanide concentrations (see Figure 4) . It is also possible that other complexing agents in the treated water, such as dissolved organic matter (DOM), are responsible for the enhanced Hg recovery. Hg forms strong complexes with organic matter due to its high binding affinity [24, 25] . Also, common complexing ligands, such as chloride and sulfate, can affect the sorption of Hg on the mineral surfaces [26] . Chloride can form aqueous HgCl 2 and Hg 2 Cl 2 complexes reducing sorption of Hg. Concentrations of dissolved organic carbon (DOC) and chloride at the effluent water were not measured in this study; however, total organic carbon content in the sediment is higher in the PA than LA (Table 1 ) and chloride concentration up to 170 mg/L is reported in the downgradient aquifer from the field monitoring data, partially supporting this possibility.
The dissolved Hg concentrations at the effluents continuously decreased to 3.33 g/L for PA-TW and 0.079 g/L for PA-DI by the end of the experiments. Most of the decline was observed before day 13 (5.58 PV) for PA-TW and day 9 (3.91 PV) for PA-DI. The experimental results indicate that flushing of aquifer by injection of water may achieve decreased level of Hg in the field. In the field site, it is reported that almost all of the dissolved mercury in the aquifer pore water is in the form of cyanide complexes and the neutrally charged Hg(CN) 2 complex predominates over other dissolved mercury species at the aquifer pH values. Attenuation of Hg in the main part of the aquifer is only a minor control on dissolved Hg concentrations in the aquifer and the predominance of Hg as a neutrally charged cyanide complex may be responsible for its apparent high mobility in the aquifer. Therefore, the Hg in the sediment cores for this column experiment, which were drilled down gradient of the tailings, can also be present in the form of cyanide complexes.
As explained in Section 2.3, pumping of influent water was stopped for the duration of 18 days between elapsed days 16 and 17, to evaluate if Hg concentration is rebounded due to redissolution/desorption in static conditions. As shown in Figure 3 , after the equilibration period, only slight rebound of dissolved Hg concentration was observed only for PA-TW, showing Hg concentration of 7.70 g/L at elapsed day 18 from 0.81 g/L at elapsed day 17 (there is one day of lag time for sampling that has representative effluent water sample from the column). It is not certain whether or not further rebound could be observed over longer period of static condition.
Based on the Hg content in the solid samples (0.196 mg/kg for PA and 0.0287 mg/kg for LA) and sediment masses and pore volumes in each column, the maximum Hg concentrations expected in water, if all of Hg is dissolved into pore water, were calculated to be 1.05-1.40 mg/L for PA and 0.18-0.20 mg/L for LA (Table 4 ). The highest Hg concentration observed in the effluent of PA was 0.102 mg/L, only 7-10% of the maximum concentration expected from complete dissolution. The amounts of water passed through the columns between two adjacent sampling events and the effluent Hg concentrations at each sampling event provide masses of Hg flushed out between the two sampling events. By summing up the masses of Hg flushed out for the entire sampling period, Hg removal by flushing was calculated to be 0.063 mg for PA-DI and 0.227 mg for PA-TW. These values correspond to 6.0 and 20.3% of removal of Hg inventory in the sediments of PA-DI and PA-TW, respectively. The results indicate that flushing of aquifer by injecting water, particularly the treated water, can achieve significant amount of Hg removal from the sediment under the conditions similar to this experiment. Figure 4 shows the total cyanide (CN) concentrations measured over time for each column. The total CN concentrations at the column effluents were generally low (0.026-0.053 mg/L for PA-TW and LA-TW and nondetectable level (<0.005 mg/L) for the rest of the columns, except for early times in PA-DI). The effluent total CN concentrations for PA-TW and LA-TW were roughly comparable to the total CN concentration in the treated water (0.0231 mg/L, Table 2 ). It is also possible that some cyanide was released from the sediments. The lower values for two sampling events at elapsed days 9 and 13 could be experimental artifacts. It appears that the total CN initially present in PA-DI column was flushed out as the deionized source water continued to be supplied to the column.
Total Cyanide (CN).
Cyanide is a strong complexing agent and it may enhance the mobility of many dissolved metals, including Hg, in the tailings pore water. Dissolved mercury cyanide complexes may exist in the forms of Hg(CN) 2 , Hg(CN) 3 − , and Hg(CN) 4 2− . In the acidic pH conditions in the tailings, anionic mercury cyanide complexes are adsorbed onto clays, iron and aluminum oxides, and oxyhydroxides due to the positive surface charge of these materials [27, 28] . The dissociation of surface cyanide complexes may occur upon geochemical changes [21, 29] , which might be the case for the conditions in the flushing column experiments. The pH values of the column effluents (pH ∼ 4 for PA and ∼5 to 6 for LA, Figure 5 (a)) were in the range where HCN is the predominant form of free cyanide. Figure 5(a) shows the effluent pH values measured over time for each column. Generally, higher pH values for LA columns are observed compared to those for PA columns, which is consistent with the paste pHs for the sediments (4.24 and 6.35 for PA and LA, resp., for 1 : 2 solid : water, Table 1 ). This indicates that naturally acidic pH values are present in the perched aquifer due to occurrences of sulfur mineralization in the area. Gradual decline in pH observed for LA-TW could be due to dissolution of alumino-silicate minerals in this column (see Figure 7) .
pH, Alkalinity, and Electrical Conductivity (EC).
It is not certain why pH for the control column (SS-DI) showed low pH (<4) until day 16. One possible cause is the remnant of acidic pore water that was initially present because of acid washing. As explained in Section 2.2, silica sand was washed with 5% HNO 3 solution overnight and rinsed with deionized water. Although the measured pH for the top water after rinsing was back to normal, some remnant of acidic water might be present in the pore spaces because more silica sand was used for the control column. This potential effect may be minimal for the other columns because only bottom and top ∼ 2.5 cm ends were filled with silica sand for the other columns, while almost half was filled with silica sand for the control column. Figure 5 (b) shows the total alkalinities measured over time for each column. Alkalinities for PA columns were 4-15 mg/L as CaCO 3 , while they were 8-32 mg/L as CaCO 3 for LA columns. For comparison, the influent TW water had alkalinity of 14-17 mg/L as CaCO 3 . The higher alkalinity values for LA columns compared to PA columns are probably due to dissolution of carbonate minerals in LA. The Ca contents in the sediments were 1060 and 2430 mg/kg for PA and LA, respectively, and Mg contents were 2610 and 3010 mg/kg for PA and LA, respectively, supporting this explanation. This is consistent with the dissolved Ca and Mg concentrations at the effluents (see Figures 7(a) and 7(b) ) and also consistent with the effluent pH values (Figure 5(a) ).
The trends of EC ( Figure 5(c) ) show that dissolved components in the columns receiving deionized water are generally flushed out, while the columns receiving treated water show more or less consistent EC over the course of the experiments, primarily due to already high total dissolved solids (TDS) in the treated water.
Other Metals and Cations.
Considering similar complexation behaviors of Hg, Cu, and Zn with cyanide, it was expected that the trends of Cu and Zn concentrations are similar to those of Hg. It was the case for the columns receiving deionized water (Figures 6(a) and 6(b) ); however, for the columns receiving the treated water, Cu and Zn concentrations generally increased as the experiment progressed, except for the elapsed days 16 and 17 when the static conditions were tested. This may be partly due to the fact that the sediments contained higher Cu and Zn contents (Cu content of 85.9 and 52.9 mg/kg and Zn content of 358 and 407 mg/kg for PA and LA, resp.) relative to Hg (0.196 mg/kg for PA and 0.0287 mg/kg for LA). While complexation of Cu and Zn with cyanide could explain the elevated Cu and Zn concentrations for PA-TW and LA-TW, the total cyanide concentrations at the effluents were low (0.026-0.053 mg/L for PA-TW and LA-TW), suggesting the presence of other complexing agents in the treated water other than cyanide, similar to the case for Hg.
The trends for Cd, Co, Ni, and Mn (Figures 6(c)-6(f)) were similar to those for Cu and Zn; however, PA-TW showed general decreases in concentrations as the experiment progressed, suggesting flushing of these elements out of the sediments instead of increases in concentrations due to dissolution/desorption or complexation. Dissolved As concentrations at the column effluents were higher for LA than for PA (Figure 6(g) ), although the solid sample analyses showed higher value for PA than LA (282 and 178 mg/kg for PA and LA, resp.). Dissolved As, which is not complexed with cyanide, is attenuated due to adsorption onto and coprecipitation with secondary metal oxides and (oxy)hydroxides under neutral or acidic pH conditions [30] . Thus, the release of As in LA columns could be related to desorption of As associated with dissolution of oxides and (oxy)hydroxides that was previously precipitated in this sediment. It may also be caused by reductive dissolution of As-bearing oxyhydroxides such as ferrihydrite [31] .
The effluent Ca and Mg concentrations ( 
Conclusions
The column experiments evaluated removal of Hg from the aquifer sediments using potential flushing waters including the treated water from the water treatment plant and up to 20% of the Hg inventory in the sediment could be achievable. The results also indicate that the treated water from the water treatment plant is a reasonable flushing solution, probably due to complexing agents contained in the treated water. It should be noted, however, that the field condition can be different from the experimental conditions. For example, the flow velocity in the column was 6.5-7.3 cm/day, while the groundwater velocity during the injection could be as high as 2 m/day in the field. The difference in contact time may affect dissolved Hg concentrations in the flushed water. Also, the actual field injection may deliver up to 3 pore volumes for a period of 3 months, indicating that extended period of injection may be required to obtain desirable results.
The solid-phase analyses, as well as the results of the column experiments, showed that the perched aquifer contained more Hg compared to lower aquifer and only the perched aquifer showed flushing of Hg out of the sediment. Perched aquifer material has more Hg than lower aquifer material (0.196 mg/kg versus 0.0287 mg/kg). This result indicates heterogeneity of aquifer geochemistry that needs to be considered in the field practice.
Possibility of redissolution/desorption of Hg after static conditions (for the duration of 18 days) was tested, showing only slight rebound of Hg concentrations. However, because of the limited time frame for this study, it is not certain whether or not further rebound could be observed over longer periods of static conditions. Additional testing for longer periods of static conditions could confirm this behavior.
As shown in the experiments, complexation of Hg with complexing agents can enhance removal of Hg by flushing. Testing of water containing added complexing agents, such as ethylenediaminetetraacetic acid (EDTA) and ethylenediamine-N,N -disuccinic acid (EDDS), a biodegradable alternative to EDTA, can be used to evaluate the enhanced removal of Hg by complexation and its potential benefits.
